Municipal biowaste is a major environmental issue. Life-cycle assessment is a valuable tool to assess recycling options, and anaerobic digestion and composting have performed adequately. However, reviews indicate several discrepancies between studies. Thus, we critically review 25 life-cycle assessments of the composting and anaerobic digestion of municipal biowaste. Our objective is to identify decisive factors, methodological gaps and processes that affect environmental performance. We generally identified methodological gaps in expanding systems borders. In energy systems, the replaced energy source did not consider power generation or dynamic regulation. All studies adopted mixed energy sources or marginal approaches. Agroecosystems included the carbon sequestration potential and compensation for the production of synthetic fertilizers only. A limited range of scientifically proven benefits of compost use has been reported. In general, studies provided a limited account of the effects of use on land emissions, but contradictory assumptions emerged, mainly in modelling synthetic fertilizer compensation. Only three studies compensated direct emissions from the use of synthetic fertilizers, and none included indirect emissions. Further studies should include an analysis of the additional benefits of compost use, compensate for the effects of emissions from synthetic fertilizer use on land and mix attributional and consequential approaches in energy system expansion.
Introduction
The organic fraction of municipal solid waste (OFMSW), also known as biowaste, is the largest fraction of municipal solid waste in low-and middle-income countries. It drives most of the environmental impacts of municipal solid waste (MSW) worldwide (Hoornweg and Bhada-Tata, 2012; UNEP, 2016) . Landfills and waste account for approximately 23% of global anthropogenic methane emissions, while methane corresponds to 16% of global greenhouse gas emissions (IPCC, 2013) . OFMSW includes garden waste, such as leaves, branches and grass, and food waste from households. Only 60% of MSW in low-and middle-income countries is adequately addressed (Hoornweg and Bhada-Tata, 2012) .
As alternatives to landfills, available technologies for recycling OFMSW are composting and anaerobic digestion (AD). Thermal treatments such as pyrolysis, gasification and incineration are also available. These treatments are not recycling alternatives and are inferior in the waste hierarchy. Nonetheless, AD is a waste-to-energy technology based on UNEP (2016: 277) , and AD closes the biological cycle of nutrients and organic matter as a biological route. Anaerobic digestates return to the agricultural value chain, in contrast to the products of thermal processes that do not return nutrients and organic matter to soils. Nutrient cycling, particularly phosphorous cycling, is very important. Phosphorous scarcity threatens global and local food production due to increasing demand and limited reserves. In Denmark, OFMSW has been proposed to replace 14% of imported phosphorous minerals (Klinglmair et al., 2015) .
In this context, the inclusion of thermal treatments in our review would not allow a proper evaluation of process-specific impacts on environmental performance due to substantial technical and environmental differences. Hence, we will not assess thermal treatments, although these treatments are also viable options and often exhibit better environmental performance (Antonopoulos et al., 2013; Di Maria and Micale, 2015) . Other consistent reviews comparing the environmental performance of treatment options such as landfilling, composting, AD and incineration are also available, although the performance associated with these treatments is not process-specific, as we will explore in this review (Bernstad and La Cour Jansen, 2012; Schott et al., 2016) .
Composting is defined as the biological decomposition of organic matter under controlled aerobic conditions, resulting in a stable product (Epstein, 1997; Haug, 1993) . The technology uses several different methods in open and vessel systems (Fitzpatrick et al., 2005; Silva and Naik, 2007) . Comparably, AD is the biological decomposition of organic matter in the absence of oxygen and produces methane, which is also known as biomethanization. AD also employs several different methodologies, such as high and low solid, mesophilic or thermophilic and two-stage or one-stage routes (Li et al., 2011; Mata-Alvarez et al., 2000; Møller et al., 2009) .
Both technologies are classified as biological treatments. Although other biological treatment technologies exist, including black soldier fly digestion and vermicomposting, these treatments are not applied at the municipal scale. Composting and AD are commonly applied as mechanical biological treatments (MBTs). MBTs combine biological treatments of organic waste with mechanical separation and treatment for dry recyclables in a single facility to manage mixed waste (UNEP, 2016) .
AD and composting have been performing adequately in the environmental decontamination of OFMSW. They have presented a negative global warming potential (GWP) in life-cycle assessments (LCAs) -that is, a potential to sequester carbon (Bernstad and La Cour Jansen, 2012; Boldrin et al., 2009; Lou and Nair, 2009; Møller et al., 2009; Schott et al., 2016) . However, reviews of LCAs for OFMSW have concluded that methodological gaps and discrepancies exit in studies La Cour Jansen, 2012, Laurent et al., 2014; Schott et al., 2016) . International standards for LCAs have been established (International Standards Organization (ISO) 14040 and 14044). Researchers must make several decisions during modelling, including the definition of a functional unit, methods to allocate impacts and solve multifunctionality, sources of data to inventory and impact assessment methods (European Commission, 2010; Laurent et al., 2014) . Saraiva et al. (2017) report the effects of attributional and consequential approaches on solving multifunctionality. Thus, different situations, such as micro-, meso-or macro-level decisions, lead to different assumptions (European Commission, 2010) . Boldrin et al. (2009) estimated that the amount of composted GWP ranges from −900 to 300 kg CO 2 eq per wet weight in Mg of OFMSW composted. For AD, Møller et al. (2009) estimated a range from −375 to 111 kg CO 2 eq. This wide uncertainty is associated with assumptions, modelling approaches and different methods used in each technology. Bernstad and La Cour Jansen (2012) identified that the most sensitive variable for the GWP of alternatives is the substituted energy sources. According to the authors, the GWP might show 700% variance for a coal-based matrix to a hydro-nuclear matrix. In Europe, AD plants working with energy crops also receive OFMSW, resulting in positive environmental impacts (Di Maria et al., 2018) . The second most sensitive variable is the agroecosystem, which can alter the GWP by approximately 400%, due to synthetic fertilizer substitution and emissions from use on land.
Prior studies have reviewed different solid waste management techniques (Laurent et al., 2014) and a broad range of technologies to manage OFMSW (Bernstad and La Cour Jansen, 2012; Schott et al., 2016) . In this context, this study proposes a specific review of environmental analyses of biological treatments for OFMSW. This approach will enable an in-depth analysis of specific factors, particularly in agroecosystems and energy systems in tropical countries, which have been the topic of a limited number of previous reviews.
Thus, we critically review the LCAs of OFMSW, assessing composting and AD to identify the decisive factors and processes contributing to their environmental performance. Then, we discuss how studies have modelled the boundaries of OFMSW systems, data sources, emissions factors, assumptions and methodological gaps, with a special focus on tropical countries and low-carbon energy sources.
Materials and methods
The systematic review was initiated with a search in Scopus and Web of Science search engines for the following combinations of terms in article titles, abstracts and keywords:
• • municipal solid waste and life cycle and composting and anaerobic digestion; • • (municipal solid waste or food waste or biowaste or garden waste) and composting and anaerobic digestion; • • life cycle and (biowaste or food waste) and (composting or anaerobic digestion).
The studies must have been published after January 2000 and up to July 2017. Afterwards, we screened the abstracts of all studies to determine whether an environmental impact assessment was performed. Then, studies must fulfil the following requirements to be included in the review:
1. Evaluate OFMSW, which is considered garden waste and food waste; 2. Include post-treatment stages of OFMSW -that is, the study should expand the system border to energy systems or agroecosystems; 3. Include composting and AD as alternatives; 4. Treat OFMSW separately from other waste streams, such as wastewater, agricultural waste, etc.
Although the studies included other treatment options, we focused on analysing composting and AD, as explained above.
We identified 25 studies matching the requirements to review, which are summarized in Table 1 . GWP, AP, EP, POF, HumTox, CCF and ARD DA PC: pre-collection; CT: collection and transport; PT: pre-treatment; T: treatment; ES: energy system; EUI: energy use impact; CES: compensatory energy system; AE: agroecosystem; UOL: use on land; CAE: compensatory agroecosystem; GWP: global warming potential (t = 100 years); GWP50: global warming potential (t = 50 years); AP: acidification potential; EP: eutrophication potential; GER: gross energy requirement; EUEC: energy use and energy consumption; POP: photochemical oxidation or photochemical oxidant potential; POF: photochemical oxidant formation or photochemical ozone formation; POCP: photochemical oxidant creation potential or photochemical ozone creation potential; ODP: ozone depletion potential or ozone layer depletion or stratospheric ozone depletion or ozone layer depletion; PFP: potential formation of photo-oxidants; FFD: fossil fuel depletion; P: phosphorous; HumTox: human toxicity; ARD: abiotic resources depletion; TA: terrestrial acidification; TE: terrestrial eutrophication; FE: fresh-water eutrophication: ME: marine eutrophication; EcoTox: ecotoxicity; SOx: SOx emission; NOx: NOx emission; DFR: depletion of fossil resources; HM: heavy metal; WS: winter smog; SS: summer smog; PEST: pesticides; TEU: total net energy use; PE: primary energy consumption; SW: solid waste; RD: resource depletion; PM: particulate matter; CARC: carcinogens; NER: net energy recovery. a The first paragraph of each related section describes the processes included in each life-cycle stage. b This option is based on the authors' conclusions derived from their impact assessments and own judgments of value. When the authors did not indicate an approach displaying better overall performance, we denoted this option as "-".
Results and discussion

Mapping of the studies: geographical and journal distribution
Of the 25 identified studies, 64% were conducted in high-income countries, while studies conducted in upper-middle-income countries constituted 24% and studies in lower-middle-income countries constituted 12% (income was based on World Bank, 2019) . The majority of studies were conducted in Asia (9) and Europe (9), where Italy (4), China (4) and Sweden (3) predominated. We identified four studies conducted in North America, all of which were performed in the USA. One study each was conducted in Africa, Latin America and Oceania, specifically in Brazil, Cameroon and Australia, respectively ( Figure 1 ).
The reviewed studies were published in 14 journals, and only four journals published more than one study reviewed in this article. 60% of all reviewed studies were published in these four journals ( Figure 2 ).
Impact categories assessed
The impact categories assessed in the 25 studies are described in detail in Table 1 . For the analysis, we condensed the different classifications and descriptions of impact assessment methods into an equivalent category (see Figure 3 ). For example, terrestrial, marine and freshwater eutrophication were considered eutrophication.
GWP was the only category evaluated in all studies. With the exception of the study by Aye and Widjaya (2006) , who analysed GWP in a time horizon of 50 years, other researchers assessed GWP in a time horizon of 100 years. The acidification potential (AP) and eutrophication potential (EP) were second and third most frequently assessed impact categories. Eleven studies included any category of photochemical ozone formation (POF), representing less than half of reviewed studies. GWP, AP and EP might have been the most frequently assessed categories compared to other categories, due not only to their global importance but also to methodological aspects, as a consistent and clear consensus for estimating these parameters has been established.
One fifth of the reviewed studies assessed the ozone depletion potential or energy consumption. The category "Others" include ecotoxicity, smog, phosphorous, heavy metals, carcinogens, pesticides and particulate matter, which appeared in four studies. Seven studies solely assessed GWP. This approach is not recommended in the best practice guides for LCA, due to the trade-off effect of impact categories. Thus, one alternative might exhibit a better performance in one category that leads to worse performance in other categories (Hauschild et al., 2013; Laurent et al., 2014) . GWP: global warming potential; AP: acidification potential; EP: eutrophication potential; POF: photochemical ozone formation; ODP: ozone depletion potential; ENERGY: energy balance indices; RC: resource consumption (fossil or other resources); HumTox: human toxicity.
Most reviewed studies indicated a better overall environmental performance for AD. Twenty-three studies concluded that AD was the best option in local conditions, based on the authors' conclusions. Only one study did not observe significant differences in seven impact categories between alternatives (Zhao et al., 2009) , and another indicated that composting was the best option for São Paulo, Brazil (Mendes et al., 2003) . These results are based on authors' statements attributed to their own judgment of the value of the approaches or their respective impact assessment method. Nonetheless, other authors proposed that even if AD displays a better environmental performance, it is a narrow difference under the specific conditions of the adopted scenarios and assumptions (Bernstad and La Cour Jansen, 2011; Edwards et al., 2018; Sharma and Chandel, 2017; Takata et al., 2013; Zhao and Deng, 2014) .
System boundaries
Pre-collection was the least frequently considered stage in system borders, as 12% of studies included this stage. At least half of studies included all other stages (see Figure 4 ). All studies extended system boundaries to include energy systems, and only one study did not include agroecosystems. Nevertheless, not all studies evaluated energy use impact or use on land emissions.
The energy use impact and use on land impacts determine the cumulative effects of emissions from biogas burning and upgrading, digestion and composting produced from OFMSW use on land. Approximately 56% of the reviewed studies included theses stages in expanded systems, while 88% reduced emissions from a compensatory agroecosystem and 92% for a compensatory energy system. These findings highlight the inconsistencies in modelling system boundaries. As an example, studies have evaluated reduced emissions from coal extraction and burning due to biogas production. However, the authors did not account for emissions from biogas cleaning and burning. We identified the same gap in agroecosystems with digestates and composting in relation to the use of substituted fertilizers or soil conditioners.
Thus, we explored each process from the perspective of these systems below. To provide a careful analysis, we divided the following sections into subsystems associated with each life-cycle stage of LCAs to provide a more careful analysis: narrow waste systems (as in Schott et al., 2016) , energy systems and agroecosystems.
Narrow waste system
The narrow waste system (as in Schott et al., 2016) , principal or main system, or simply the waste management system (Eriksson et al., 2005) comprises life-cycle stages related to waste services. The narrow waste system excludes processes after post-treatment. It involves the capital goods and pre-collection, collection and transport, pre-treatment and treatment of OFMSW.
Capital goods and pre-collection. Pre-collection involves the necessary processes to manage waste before waste collection, such as building treatment units, containers, plastic bags, equipment and other processes. Three studies included pre-collection in the system boundaries of the LCA. This stage appears to consider the production of polyethylene bags for the collection of OFMSW (Blengini, 2008) and containers (Bovea et al., 2010) . Authors concluded that pre-collection typically has a limited impact on overall performance of 5% of total emissions.
Neither study included capital goods, such as machinery and infrastructure, in system borders. According to Brogaard and Christensen (2016) , the construction of a treatment unit has major impact on environmental performance due to the steel demand. For biological treatments, the authors indicate that capital goods exert significant effects on the human toxicity, resource depletion, particulate matter and ozone depletion impact categories. Collection and transport. Collection and transport include emissions from fuel combustion, which were diesel emissions in most reviewed studies. Only three studies assessed vehicles with gasoline emissions (Bernstad and La Cour Jansen, 2011; Börjesson and Berglund, 2007; Ngnikam et al., 2002) . Trucks travelled an average of 37 km, ranging from 11 to 100 km, from collection to treatment unit.
Six studies evaluated the transportation of fertilizers from OFMSW, compost or digestate, as some localities do not have facilities located near agricultural land. According to Bernstad and La Cour Jansen (2011) , the maximum distance for the use of compost and digestate was 180 km. The average distance travelled for compost or digestate use was 40 km.
In general, transport did not have a significant impact on the overall system, particularly on GWP (Aye and Widjaya, 2006; Bernstad and La Cour Jansen, 2011; Blengini, 2008; Zhao et al., 2009 ). However, diesel combustion affected AP and EP in one study (Thyberg and Tonjes, 2017) , as well as POF, as vehicles emit volatile organic compounds. Other studies that were not included in this review also concluded that collection and transport exert minimal effects on the overall system (Eriksson et al., 2005) .
Pre-treatment. Authors did not assume source segregation in all studies, and, therefore, the landfilling or incineration of rejects from mechanical separation was evaluated in the pre-treatment stage. Five studies included the need for landfilling or incineration of rejects. Pre-treatment also encompasses OFMSW separation, homogenization and additive addition. In this stage, water consumption was highlighted as a problem for wet AD (Mendes et al., 2003; Takata et al., 2013; Zhao et al., 2009 ), although the overall impact was not significant.
Treatment. Although we refer to composting and AD as single technological routes, each employs different methodologies. The reviewed studies included five methods for composting and four methods for AD. Only one study assessed home composting (Edwards et al., 2018) , while turned windrows and in-vessel systems were the most frequently assessed systems. For AD, studies included dry and wet, and mesophilic and thermophilic routes.
Sixteen of the 25 studies modelled biological carbon dioxide production from composting and AD as neutral to GWP. Meanwhile, six considered biogenic carbon dioxide with a GWP factor of 1. Bernstad and La Cour Jansen (2012) also reached similar conclusions by reviewing 25 LCAs of food waste. Both approaches are correct if systems borders are adequately designed . Three studies did not clearly describe the emission factor used to analyse biogenic CO 2 production.
Composting. Complementarily, studies assessed all methods of composting: home composting, different windrows and in-vessel composting. Studies also assessed different methodologies under the same conditions to identify the best environmental performance, as they differ in energy demand and emissions (Aye and Widjaya, 2006; Edwards et al., 2018; Levis and Barlaz, 2011; Oldfield et al., 2016; Takata et al., 2013; Thyberg and Tonjes, 2017) .
Due to the use of different methodologies and data sources, emission factors varied substantially for methane, nitrous oxide and ammonia. Ammonia emission (NH 3 ) exhibited the widest range, varying from 2.4% to 98% of the total nitrogen loss. Ammonia emissions during composting were the main driver of AP.
Martínez-Blanco et al. (2010) reported that a vegetal biofilter has the potential to prevent methane and ammonia emissions. According to previous studies, the efficiency of biofilters at reducing emissions ranges from 90% to 100% of ammonia emissions (Bernstad and La Cour Jansen, 2011; Cremiato et al., 2018; Mendes et al., 2003) . However, biofilters might increase nitrous oxide emissions (Amlinger et al., 2008) , resulting in a trade-off from AP to GWP. Mature compost mixing in composting piles has also been shown to reduce ammonia, methane and nitrous oxide emissions by 58%, 44.8% and 73.6%, respectively (Yang et al., 2019) .
Meanwhile, resource depletion and fossil fuel demand favour home composting, but industrial composting displayed a better performance for GWP, AP and EP due to lower emissions in professionally managed processes. Ammonia, methane and nitrous oxide emissions are five times higher during home composting than during industrial composting. Thus, the lower emissions balance the higher demand for fuel and electricity required for the operation of industrial processes (Andersen et al., 2012; Martínez-Blanco et al., 2010) .
Two studies reported better environmental performance for open-windrow composting than in vessels, largely because of the higher diesel and electricity consumption of a coal-based electric matrix (Aye and Widjaya, 2006; Levis and Barlaz, 2011) . According to Boldrin et al. (2009) , emissions from treatment stage may range from 3 to 242 kg CO 2 eq per wet weight in Mg of OFMSW in windrow systems, from 5 to 81 for in-vessel systems and from 77 to 220 for home composting.
Anaerobic digestion (AD). The dry digestion route displayed the best environmental performance in studies assessing more than one alternative under the same conditions (Di Maria et al., 2016; Edwards et al., 2018; Takata et al., 2013) .
As AD has more phases in the treatment stage and higher levels of control to guarantee anaerobic conditions and methane capture, it also requires more energy. Additionally, AD requires water for the wet route and waste homogenization, biogas piping, reactor warming and, occasionally, biogas upgrade into biomethane. Thus, the heat demand might range from 61 MJ to 202 MJ per digested wet weight in Mg according to the reviewed studies (Börjesson and Berglund, 2007; Bernstad and La Cour Jansen 2011; Blengini, 2008) . GWP in the treatment stage ranges from 0 to 48 kg CO 2 eq per wet weight in Mg of digested OFMSW, according to Møller et al. (2009) .
The major emissions resulting from the treatment stage of AD were fugitive emissions of methane. According to the IPCC (2006), 0% to 10% of the generated methane is lost, with a mean of 5%. A review published by the Danish Environmental Agency also corroborate this range, as the mean losses from large-scale plants treating OFMSW were 4.9% (DEA, 2015) . Lower values have been reported in Swedish and German units (Holmgren et al., 2015; Jensen et al., 2017; Reinelt et al., 2017) .
Digestate generation in an anaerobic process is also an environmental concern. Due to the requirement for water to produce adequate digestion in the wet route, the digestate output might be higher than the OFMSW mass input. The reviewed studies described digestate generation rates ranging between 95% and 240% of the OFMSW mass input (Börjesson and Berglund, 2007; Di Maria et al., 2016; Takata et al., 2013) , consistent with other studies (Chiew et al., 2015; Jensen et al., 2017) . Only Börjesson and Berglund (2007) separately assessed digestate storage, representing 45% of overall emissions in a life cycle. This risk was also reiterated by Bernstad and La Cour Jansen (2011) . Ammonium/ammonia concentrations and the high moisture content of digestate drive ammonia volatilization and methane formation. Storage of the digestate might account for 5-10% of biogas production in a unit, reaching approximately 20%. Nevertheless, these losses are captured and transformed into higher methane production, with adequate coverage and collection systems for digestate storage (Styles et al., 2016) .
Digestate has an agricultural value, as evaluated by some authors. However, not all studies modelled this destination, as it still poses environmental risks. This discussion will be further detailed in the agroecosystem section. Hence, studies have also modelled composting of digestate for compost production and use on land (Blengini, 2008; Levis and Barlaz, 2011; Takata et al., 2013; Thyberg and Tonjes, 2017) or discharge as wastewater (Edwards et al., 2018; Mendes et al., 2003) .
Energy systems
Energy systems comprise all processes of energetic valorization to generate heat, electricity or vehicle fuel. AD generates biogas, which can be burned to generate heat and electricity, and biogas might be upgraded into biomethane and used as vehicle fuel. Other authors might refer to this stage as the energy subsystem, although we will simply refer to it as energy systems in this review.
We divide energy systems into two stages: energy use impact and compensatory energy systems. All studies included at least one stage of energy systems -that is, all authors assumed that biogas would have an energetic destination. Hereafter, we provide a detailed description of the main assumptions, modelling approaches and environmental impacts of energy systems.
Energy use impact. The energy use impact stage includes all emissions attributed to biogas combustion required to produce heat or electricity. In addition to fugitive emissions from AD in the treatment stage, biogas burning drives further emissions in the life cycle due to the incomplete combustion of methane and traces of sulphur and nitrogen in biogases. We have not identified this phase in studies, as not all authors detailed emission factors or results. Moreover, inventories were not accessible or even mentioned. Only 14 of the studies denoted environmental impacts of biogas and the use of its products. Only Levis and Barlaz (2011) assumed that biogas would be completely burned into carbon dioxide.
The upgrading of biogas into biomethane resulted in additional methane emissions in studies evaluating this route for vehicle use (Bernstad and La Cour Jansen, 2011; Di Maria et al., 2016; Sonesson et al., 2000) . According to Møller et al. (2009) , additional emissions range from 4.5 to 68 kg CO 2 eq per Mg of digested OFMSW, due to purification, gas compression and vehicle fuelling. Three LCAs indicate that upgrading lowers the environmental performance. Higher emissions compared to heat and electricity production did not result in greater benefits of fuel substitution La Cour Jansen, 2011, Di Maria et al., 2016) .
The energy use impact raises concern in analyses. Danish environmental reports from AD plants for cogeneration have already described high levels of nitrogen oxide (NO x ) emissions (Nielsen and Illerup, 2003; Nielsen et al., 2010) . Despite its importance, low transparency in terms of emission factors and the presentation of results did not allow a more detailed analysis. Future studies should clarify these assumptions in LCAs or provide supplementary data with inventories, in contrast to only mentioning inventories, often with restricted access. This approach will facilitate the comparison and reproduction of studies.
Compensatory energy systems. Compensatory energy systems involve the substitution of impacts of the production of substituted energy sources for energy recovery from OFMSW. Although the energy use attributed to biogas and its products drives emissions, its energetic use reduces the demand from other sources, such as fossil fuels. Thus, compensation is required to reduce emissions that would be generated during the extraction and use of other sources. In this review, only two studies did not assess compensatory energy systems. These studies did not reduce impacts from substituted energy sources (Khoo et al., 2010; Liu et al., 2017b) .
In addition to electricity and biomethane, the use of thermal energy is an important source, as 70% of energy generated from burning biogas is heat. In the study by Di Maria et al. (2016) conducted in Italy, electricity and thermal energy depend on natural gas, and, therefore, dry AD for cogeneration represents the best environmental option. Nonetheless, Bernstad and La Cour Jansen (2011) concluded that upgrading biogas for vehicle use would be better than Swedish electricity substitution, based on hydric and nuclear power.
Although electric matrices tend to reduce emissions in the search for renewable and low-carbon sources, vehicle fuel use might perform better in a long-term strategic scope (Börjesson and Berglund, 2007; Sonesson et al., 2000) . Authors have applied a sensitivity analysis to understand variations in environmental performance and acknowledge changes in the energy matrix. This procedure provides a more concise understanding of results to plan waste-to-energy management alternatives for the medium-long term (Bernstad and La Cour Jansen, 2011; Takata et al., 2013; Zhao and Deng, 2014) . Figure 5 illustrates the range of substituted energy matrices in the reviewed studies. The majority of studies evaluated fossil matrices that were mostly based on coal, oil and natural gas.
Studies employed different approaches to select the energy source to replace in compensatory energy systems. Most estimated a mixture of energy sources based on an average emission factor for compensation, or a marginal energy source. Blengini (2008) and Di Maria et al. (2016) modelled energy compensation using a marginal energy approach. In Italy, the use of natural gas as a marginal energy source is estimated to reduce the GWP of AD in 150 kg CO 2 eq per wet weight in Mg of OFMSW compared to an electric mix (Blengini, 2008) . In Sweden, an electric mix favours biogas upgrading for vehicle use, as electricity mainly depends on nuclear and hydric sources (Bernstad and La Cour Jansen, 2011; Eriksson et al., 2005) . The electric matrix was 90% hydraulic only in Brazil, where AD performed worse than composting (Mendes et al., 2003) . Another study corroborates this lower performance of AD in Brazil, due to the background electric system (Lima et al., 2018) .
The substituted energy source is the most sensible parameter for assessing the environmental performance of AD (Bernstad and La Cour Jansen, 2012; Eriksson et al., 2005; Møller et al., 2009) . A change from a hydro-nuclear-coal matrix (50%/40%/10%) to a complete coal matrix results in a 690% variation in the GWP of AD (Bernstad and La Cour Jansen, 2012) . Nonetheless, a review of 19 LCAs of waste management systems show that studies have not yet adequately addressed energy systems. Assumptions about energy substitution are equivocate based on energy mixes or marginal approaches. These assumptions do not consider energy generation and the dynamic regulation of each source, as energy must be produced while it is consumed (Schott et al., 2016) .
We identified the same gap in reviewed studies. None considered the dynamics of generation and regulation in energy substitution. As not all sources continuously produce energy during a day or year, not all sources of energy are available for substitution. Solar, wind and hydric energy strongly depend on weather conditions. These processes require other sources to regulate energy production during peak consumption periods. Therefore, studies should take this limitation into consideration when defining an energy source to substitute. Otherwise, a misinterpretation of results might occur, as the assumptions will not be validated in practice.
In addition to substituted energy, environmental performance also depends on the electric and thermal conversion efficiency, biogas production potential and operational variables. The electric conversion efficiency might vary according to the turbines used, from 23.5% to 50% (Nielsen and Illerup, 2003; Styles et al., 2016) . The biogas production potential of OFMSW ranges from 76 to 166 Nm³ of biogas per wet weight in Mg of OFMSW (Bernstad and La Cour Jansen, 2012; Colón et al., 2012; Jensen et al., 2017; Takata et al., 2013) . Acknowledging these variables is essential, as energy systems play a key role in determining the environmental performance of waste-to-energy technologies La Cour Jansen, 2011, 2012; Gentil et al., 2009; Schott et al., 2016) .
In this context, when analysing compensatory energy systems, the dynamics of energy production should be assessed. This technique analysed LCA results in terms of practical impacts on complex interactions of waste management and energy systems. The application of a sensitivity analysis is highly recommended to reduce uncertainty. The combination of attributional, average mixtures of present energy sources, and consequential approaches that mix long-term marginal energy sources in various scenarios is another tool (Saraiva et al., 2017; Schott et al., 2016) . Technical variables, management and political issues are important in wasteenergy planning. National energy plans, mid-and long-term targets and economic feasibility in local conditions are also other variables to analyse in consequential approaches.
Agroecosystems
Agroecosystems involve all processes related to compost and digestate use on land and in agriculture. Only one study did not include agroecosystems in the expanded system borders (Liu et al., 2017a) . The authors alleged that compost and digestate should be landfilled, due to its low quality and acceptance of Chinese farmers. Another Chinese study equally assumes that these products are destined for the landfill, yet it accounts for a potential soil carbon storage, which is a positive impact (Liu et al., 2017b) .
Hereafter, we present and discuss findings obtained from the modelling of agroecosystems in the LCAs of OFMSW. We divide the agroecosystem discussion into three topics: the effect of carbon storage from compost and digestate on soils; direct and indirect emissions from compost and digestate use on land; and compensatory agroecosystems. Other scientifically proven benefits, such as reduced water use, health and pesticides, are not included in this review (Martínez-Blanco et al., 2013) , as no study included these benefits in LCAs.
Use on land: carbon storage and sequestration. Of the 25 reviewed studies, 10 studies accounted for potential carbon storage or sequestration in soils from compost and digestate use on land. Authors applied different accounting methodologies, including the theoretical decomposition rates of organic matter (Liu et al., 2017b; Ngnikam et al., 2002) , long-term carbon storage from compost and digestate based on the carbon content or storage factor per dry mass applied on land. Khoo et al. (2010) classified compost and digestate compost as bio-compost with the same properties. However, compost, digestate and digestate compost have different properties and carbon contents. Four studies explicitly differentiated each in terms of carbon storage and sequestration potential (Di Maria et al., 2016; Dong et al., 2013; Oldfield et al., 2016; Yoshida et al., 2012) . Accordingly, Oldfield et al. (2016) alleged that digestate does not have the same stabilized matter as compost, and, thus, the authors did not account for the carbon storage potential from AD.
Carbon storage potential has a significant impact on GWP results from various technologies. According to Bernstad and La Cour Jansen (2012) , a change of 8% to 14% of storage percentage has been observed in approximately 25% of the overall GWP of composting. However, neither study estimated the carbon storage potential based on a local agronomical and climate analysis, except for studies performed in the USA, which referred to the US EPA (2015). Levis and Barlaz (2011) estimated the potential carbon storage and sequestration not only from direct carbon input but also from stimulated microfauna activity, as increased humus formation in soils, subsequently increases carbon sequestration. Approximately 170 kg C per dry weight in Mg of applied compost was sequestered (US EPA, 2015) . Most other studies modelled long-term (100 years) C storage, such as the study by from Bruun et al. (2006) , who estimated carbon storage in Denmark using a software package and country-specific rainfall and temperature values.
Carbon storage reaches 84% of the applied carbon in the first year, decreasing to 2-16% over 100 years in Danish regions . Additionally, several factors affect the carbon storage potential, such as the climate, soil characteristics, compost maturity and dosage (Hargreaves et al., 2008; Martínez-Blanco et al., 2013) . As compost applications possess greater midand long-term benefits than synthetic fertilizers, the analysis is difficult due to the scarcity of data and adequate methodologies (Martínez-Blanco et al., 2013) . Furthermore, the potential of carbon storage also relates to agricultural management practices. No study analysed conservational, no-tillage and organic agriculture. These are important practices designed to reduce emissions in agriculture (Boddey et al., 2010; Freibauer et al., 2004; Powlson et al., 2012; Scialabba and Müller-Lindenlauf, 2010) .
Organic matter degradation dynamics result from environmental conditions, and the local climate is a key factor. In contrast to a temperate climate where soils accumulate organic matter, tropical soils depend on rapid recycling cycles of organic matter or the intense application of fertilizers. A major challenge for tropical agriculture is to maintain fertility and production levels with conventional methods (Primavesi, 2002) . Soil in the Amazon region is economically feasible to use in agriculture without fertilizers for three years after deforestation. In the Brazilian savannah, this time horizon increases to six years. For temperate areas in Canada, economically viable agriculture might persist for 65 years (Tiessen et al., 1994) . The role of soils should be better assessed in LCAs of OFMSW, particularly in land restoration through compost addition to address global warming (Cameron et al., 2017; Mayer et al., 2018; Paustian et al., 2016) .
Use on land: direct and indirect emissions from compost and digestate.
Although 24 studies included processes in agroecosystems, not all accounted for emissions from the use on land of compost and digestate. Only seven studies (28%) accounted for direct emissions from compost or digestate use on land. These seven studies accounted for nitrogen losses by ammonia volatilization, nitrous oxide emissions, nitrogen leaching and run-off in the form of ammonia and nitrates. None of the studies accounted for indirect emissions.
Our results corroborate another review showing that 24% of LCAs of food waste assessing compost and 70% assessing digestate include direct emissions from use on land (Schott et al., 2016) . In our review, not all studies described emission factors. As some studies referred to inventories, authors presented condensed results, which prevented further analysis. For example, Zhao and Deng (2014) described that modelled ammonia volatilization accounted for 1.6% of the total nitrogen content, leaching represented 9.5% and run-off represented 9.5% in the methods section of their study.
All studies used secondary data for use on land emissions factors. Bernstad and La Cour Jansen (2011) varied emission factors of fertilizers to reduce uncertainty. The leaching of compost ranged from 0% to 20% of the total nitrogen concentration applied and run-off ranged from 20% to 62%. The leaching of digestate ranged from 0% to 25% and run-off ranged from 22% to 45%. This approach enables an evaluation of different soil and climate conditions. AD with digestate use in clay/loamy soil displayed worse environmental performance than composting with compost use.
A digestate has a higher ammonia concentration, volatilization and other losses, posing environmental risks. Studies estimate that digestate loses 7.5% of the total applied nitrogen concentration, while compost loses 1.6% under temperate conditions (Bruun et al., 2006; Yoshida et al., 2016) . The reviewed studies analysing direct emissions from use on land are consistent with this range. Use on land is the principal stage for AP and EP due to nitrogen losses in AD (Bernstad and La Cour Jansen, 2012; Chiew et al., 2015; Hansen et al., 2006) .
Nonetheless, prior computational estimations (Bruun et al., 2006; Yoshida et al., 2016) appear to underestimate emission factors for the digestate. Moreover, under tropical conditions, a field study conducted in the UK reported nitrogen losses through ammonia volatilization for digestate between 38% and 42% of the total applied nitrogen concentration. For compost, the emission factor was 3.3% (Nicholson et al., 2017) . In tropical areas, nitrogen losses are even higher. In India, the tropical climate drove average losses of 65% of applied nitrogen in the form of ammonia for OFMSW digestate (Tiwary et al., 2015) .
The difference between compost and digestate results from the different physicochemical properties of anaerobic and aerobic routes. AD favours ammonium (NH 4 + ) formation. As a result, 65% to 90% of the total nitrogen concentration in digestate is in the form of ammonium/ammonia. This form provides higher short-term fertilization potential and displays a higher susceptibility to losses (Grigatti et al., 2011; Nkoa, 2014; Tambone et al., 2010; Teglia et al., 2011) . Tropical and unfavourable conditions further increase losses (Nicholson et al., 2017; Tiwary et al., 2015) . For stabilized compost, ammonia represents approximately 10% of the total nitrogen concentration, mainly organic forms of nitrogen. These forms are less susceptible to leaching and volatilization (Hargreaves et al., 2008; Nicholson et al., 2017; Tambone et al., 2010) .
Due to the high availability of ammonia and low stability of digestate, field studies and reviews raise other concerns regarding digestate use on land, such as phytotoxicity (Grigatti et al., 2011; Möller and Müller, 2012; Nkoa 2014; Teglia et al., 2011) . Field studies and methodologies addressing digestate and compost use on land impacts in LCAs are still lacking (Bernstad and La Cour Jansen, 2012; Martínez-Blanco et al., 2013; Schott et al., 2016) . Differences in the short-term availability of nitrogen in the form of ammonia or nitrates might also lead to other consequences, as we explore in the following section describing compensatory agroecosystems.
Therefore, these variables create uncertainty in LCAs. In addition to assumptions about energy systems, agroecosystems exhibit the greatest potential to change the results. Direct emissions might alter the results by approximately 200% for the GWP (Bernstad and La Cour Jansen, 2012; Schott et al., 2016) . Further studies should address these uncertainties by performing local field studies or even using agroecological modelling software, scenario modelling and sensitivity analyses.
Compensatory agroecosystems. Compensatory agroecosystems involve the substitution of impacts from the production and use on land of substituted fertilizers. As all reviewed studies evaluated the substitution of synthetic fertilizers, we will simply refer to substituted fertilizers as synthetic fertilizers. Twenty-two (88%) studies included compensatory agroecosystems in expanded system borders. According to three studies, compost or digestate would not have a sufficient agricultural quality or be accepted by local farmers. In these cases, treated OFMSW fertilizers were sent to landfills. Regarding the energy system, this expanded system is extremely important. Agricultural soils account for 14% of global CO 2 eq emissions (IPCC, 2014). Organic fertilizer use is one of the most effective and important measures to mitigate CO 2 emissions. Compost and digestate not only sequester carbon in soils but also reduce the impacts of synthetic fertilizers (Scialabba and Müller-Lindenlauf, 2010) . Potential carbon storage in soils and a reduction in synthetic fertilizer use might decrease carbon emissions from agriculture by 40% to 65% (Niggli et al., 2009) .
The included studies mainly analysed the fertilizing properties and carbon storage potential of compost and digestate. These parameters represent a small fraction of the proven qualities of compost use on soils. Other scientifically proven benefits of compost use on soils, such as a reduction in soil erosion, lower demand for pesticides and a higher nutritional value and productivity of crops, have not yet been included in LCAs. According to the authors, difficulties in quantifying these properties and scarce knowledge about other properties hinder methodologies for inclusion in LCA impact categories (Martínez-Blanco et al., 2013) . Properties of digestates are still being evaluated (Nicholson et al., 2017; Nkoa, 2014; Tambone et al., 2010; Teglia et al., 2011) .
As compost has benefits for agriculture in addition to fertilizing properties, such as its use as a soil conditioner and growth media (Boldrin et al., , 2010 , studies also assessed the substitution of peat. The substitution of synthetic fertilizers in the analysed studies had divergent and often contradictory approaches and gaps. Hence, we explored how studies addressed the impacts of substituting synthetic fertilizers in the LCAs of OFMSW.
Equivalency factor for synthetic fertilizers. The first step in modelling synthetic fertilizer substitution is to define the quantity of synthetic fertilizer to substitute with compost and digestate, and the equivalency factor. This step consists of estimating the equivalency between compost or digestate and a synthetic fertilizer based on particular properties. All studies estimated equivalency by reporting an equivalent fertilizing potential in nutrients.
Compost and digestate contain several macro and micronutrients (Hargreaves et al., 2008; Tambone et al., 2010) . Consequently, one single application of these products is able to replace several synthetic fertilizers. Normally, synthetic fertilizers contain one or two macronutrients, requiring different fertilizers to meet the plants' needs. In this review, studies only modelled the replacement of nitrogen (N), phosphorous (P) and potassium (K) fertilizers.
However, authors did not account for organic forms of N and P to replace synthetic fertilizers. Among the 20 studies replacing nitrogen fertilizers, 10% to 100% of nitrogen in compost and 40% to 100% in digestate replaced synthetic fertilizers. Nineteen studies replaced phosphorous fertilizers, with an equivalency factor ranging from 75% to 100%. Twelve studies evaluated potassium fertilizer replacements, all of which displayed 100% equivalency. Nonetheless, not all LCAs utilized the equivalency factor methodology and did not state the estimated equivalency factor or nutrient concentration in compost or digestate.
This equivalency approach only substitutes short-term available NPK in compost and digestate. Thus, it discards organic forms of NPK in fertilizing potentials or other unavailable forms. Available forms of nitrogen in compost and digestate are nitrate (NO 3 -), nitrite (NO 2 -) and ammonia-ammonium (NH 3 + -NH 4 + ). For phosphorous, some biomolecular compounds are discarded. Potassium normally does not bind tightly to organic molecules, and thus it is readily available. This availability is a key factor, as results are very sensitive to the substitution factor (Bernstad and La Cour Jansen, 2012) .
Approximately 10% to 21% of the total nitrogen content in compost is available to plants in the first year. The total nitrogen content varies from 0 to 40 g kg -1 according to OFMSW and the composting method (Hargreaves et al., 2008) . According to Hansen et al. (2006) , only 30% of nitrogen in compost should replace synthetic fertilizers, whereas 60% to 100% of nitrogen in digestate serves as a replacement due to higher concentrations of ammonia. Nevertheless, nitrogen mineralizes over time, and, thus, longer time series should account for higher nitrogen availability (Martínez-Blanco et al., 2013) .
This methodology is called mineral fertilizer equivalency and is widely applied in LCAs of compost use (Brockmann et al., 2018) . However, this approach has several limitations regarding nutrient dynamics in soil. Compost and digestate will slowly release organic forms. One application could provide an adequate nitrogen source, replacing synthetic fertilizers in other years (Amlinger et al., 2003; Favoino and Hogg, 2008; Steiner et al., 2007) .
Mineralization occurs more rapidly in tropical areas, and, thus, more nitrogen is available in the first few years. Approximately 41% of the total nitrogen content in compost might be mineralized in 150 days under tropical conditions (Moretti et al., 2013) . Thus, assumptions and modelling approaches for temperate to tropical climates in agroecosystems should be carefully selected, as databases and inventories are still scarce for tropical areas. Furthermore, despite the lower fertilization potential from compost in the first few years, it might benefit tropical environments. As synthetic fertilizers apply readily available forms of NPK, losses are higher than observed for organic fertilizers. The efficient use of nitrogen in synthetic fertilizers in subtropical and tropical areas may be less than 30% (Duan et al., 2014; Lara Cabezas et al., 2000; Meng et al., 2005; Pan et al., 2016; Peng et al., 2006) .
In fact, cumulative applications of compost in soils produce equivalent productivity to synthetic fertilizers in the medium term with lower losses (Herencia et al., 2007; Martínez-Blanco et al., 2009; Steiner et al., 2007 Steiner et al., , 2008 Zhang et al., 2016) . As shown in the study by Steiner et al. (2007) , organic fertilized plots in Amazon regions had higher productivity, as rainfall drove major losses to synthetic fertilized plots. Equivalent results were also reported in Mali, Africa (Soumare et al., 2003) .
Production of synthetic fertilizers and peat. Environmental impacts of the production of replaced fertilizers are the most frequently assessed processes in agroecosystems. All studies examining agroecosystems reduced impacts of the production of synthetic fertilizers or peat. As the demand for synthetic fertilizer or peat production decreases, industries produce fewer emissions. Twenty studies compensated for synthetic fertilizer production and two compensated for peat production (Cremiato et al., 2018; Lombardi et al., 2015) . Lombardi et al. (2015) also included straw substitution. Additionally, three studies assessed peat and synthetic fertilizer substitution (Bernstad and La Cour Jansen, 2011; Kong et al., 2012; Levis and Barlaz, 2011) . In all cases, studies substituted peat using volume equivalency.
Nonetheless, only three of 22 studies stated which synthetic fertilizer was replaced (Aye and Widjaya 2006; Mendes et al., 2003; Zhao et al., 2009) . Urea was substituted for nitrogen in two studies and ammonium nitrate in one. Phosphorus was replaced with super phosphate and diammonium phosphate. Mendes et al. (2003) only replaced nitrogen fertilizers.
All other studies did not state their respective choice. They simply referred to an inventory, such as GaBi, EcoInvent or SimaPro, or studies and reports by Patyk and Reinhardt (1997) , Davis and Haglund (1999) and Boldrin et al. (2010) . This low level of transparency did not allow for an in-depth analysis of different substitutions. Further studies should clearly state which fertilizer was replaced, as they have different impacts on the environment. As an example, ammonium nitrate results in higher leaching losses than urea (Wang et al., 2019) , although urea produces higher ammonia emissions (Pan et al., 2016) .
Emissions from the use on land of synthetic fertilizers (direct and indirect) . In addition to production, compensatory agroecosystems encompass a reduction in emissions regarding the use on land of synthetic fertilizers. The use on land of synthetic fertilizers accounts for approximately 1.5% of global greenhouse gas emissions, approximately 6.5% of agriculture, forestry and other land use (AFOLU) emissions and 12% of AFOLU non-CO 2 emissions, mainly due to the production of enormous amounts of nitrous oxide. In 10 years, projections indicate that synthetic fertilizers will be the second largest non-CO 2 AFOLU emitter (Smith et al., 2014) .
Conversely, 19 studies solely compensated for emissions from the production of synthetic fertilizers. Only three studies (12%) included direct emissions from the use on land of synthetic fertilizers. The authors used different emission factors for compost or digestate and synthetic fertilizers (Börjesson and Berglund, 2007; Sonesson et al., 2000; Takata et al., 2013) . This approach remains a gap in modelling system borders in the LCAs of OFMSW. Furthermore, none of the studies accounted for indirect emissions.
According to Mosier et al. (1998) , indirect nitrous oxide emissions in the agricultural cycle have the same order as direct emissions.
In another review of the LCAs of food waste management, three of 19 studies (16%) included synthetic fertilizer emissions in expanded system borders (Schott et al., 2016) . As mentioned above, 10 studies in our review accounted for emissions from compost and digestate use on land. Three compensated for emissions from synthetic fertilizers, which might lead to inconsistent results because fertilizers have different emission factors. Losses to the environment differ, depending on the substituted fertilizer and characteristics of compost and digestate.
Moreover, studies differ in assumptions about emission factors for fertilizers. Takata et al. (2013) postulated that compost and digestate would reduce N 2 O emissions compared to synthetic fertilizers. Börjesson and Berglund (2007) modelled reduced leaching from OFMSW fertilizers. Meanwhile, Sonesson et al. (2000) proposed that compost and digestate have higher emissions than a synthetic fertilizer.
Other LCAs also proposed higher emissions from compost and digestate than synthetic fertilizers (Eriksson et al., 2005) . Agroecosystem modelling in Denmark using software also estimated higher emissions from compost and digestate Yoshida et al., 2016) . In EASEWASTE, the default ammonia emission factor for synthetic fertilizers was zero, while the value for compost and digestate was 15% of ammoniacal nitrogen . The correct emission factor for use on land is crucial for obtaining accurate LCA results. In Sweden, Chiew et al. (2015) estimated that incineration would be a better option than AD. According to the authors, AD produces higher emission from digestate use on land than synthetic fertilizers.
In a global review by Pan et al. (2016) , 64% of the total nitrogen content in a synthetic fertilizer might be lost in the form of ammonia emissions during use on land. On average, the global ammonia emissions represent 18% of the applied nitrogen content. These values are several times higher than the percentages estimated in studies serving as inventories for LCAs of OFMSW (Bruun et al., 2006; Hansen et al., 2006) and the studies reviewed here. This difference might be due to the chemical composition, as ammonia-based fertilizers have higher volatilization losses in specific climatic conditions (Pan et al., 2016) .
As most reviewed studies were performed in temperate regions, such as areas of Europe, North America and Asia, synthetic fertilizers have lower emissions (Albanito et al., 2017; Pan et al., 2016; Richards et al., 2016) . Furthermore, most LCAs are based on estimates from temperate environments (Bruun et al., 2006; Hansen et al., 2006; Yoshida et al., 2016) . These data obtained from different conditions might under or overestimate results for the emissions of fertilizers used on soils, leading to uncertainty in the global impacts (Richards et al., 2016) .
For example, urea is the most widely used fertilizer is Brazil (FAO, 2014) . Ammonia emissions from urea use on land in Brazil range from 31.3% to 76.8% of the total applied nitrogen content at elevated temperatures (Paredes et al., 2014; Pereira et al., 2009; Lara Cabezas and Souza, 2008; Lara Cabezas et al., 2000) . Regarding nitrous oxide emissions, ammonium sulphate might reach 5.3% of the total applied nitrogen content (Passianoto et al., 2003) and 6.7% of the urea content (Signor et al., 2013) . These values are five times higher than the IPCC Tier 1 emission factor (De Klein et al., 2006) . Emissions of nitrous oxide in tropical and subtropical agriculture might range from 0.1% to 5.2%, as estimated by a recent review (Albanito et al., 2017) . These emission factors are several times higher than compost emission factors (Nicholson et al., 2017; Shen et al., 2018b; Zhong et al., 2013) . However, digestate might result in higher emissions, according to field studies, particularly in tropical agriculture (Nicholson et al., 2017; Sánchez-Rodríguez et al., 2018; Shen et al., 2018a; Tiwary et al., 2015) .
Thus, the LCAs of OFMSW still present limitations in results, mostly due to the modelling of the use on land of digestate and compost in system borders and divergent assumptions in synthetic fertilizer replacement.
Conclusions and recommendations
Studies assessing the environmental impacts of OFMSW on a life cycle are mainly conducted in high-income countries, where OFMSW is produced at lower levels than dry recyclables. Meanwhile, few studies are conducted in low-and middleincome countries, and those that have been reported have mainly been performed in Latin America and Africa, where OFMSW has major environmental impacts.
The reviewed studies presented some methodological differences and contradictions in modelling, preventing a comparison of results. Most differences and gaps were observed in system border expansion to solve multifunctionality in energy systems and agroecosystems. The use of emissions factors based on different conditions rather than local data and field experiments is a common source of uncertainty.
Studies used different approaches to choose an energy source to substitute and methodological gaps were also present. Studies considered an average energy mix or a marginal energy source. Instead, the choice should consider energy regulations and production to choose the substituted energy source. Therefore, the use of attributional and consequential approaches in the same study might reduce uncertainty and provide a more robust analysis, particularly macro-level decision support. Agroecosystem modelling and system border definitions encompassed most of the gaps and inconsistencies. This system is still restricted to carbon storage potential in soils from compost and digestate use on land and compensation for the production of synthetic fertilizers. Several scientifically proven benefits of compost have not yet been considered in LCAs, such as reduced water use, soil erosion control, lower use of pesticides and higher productivity. Compost and digestate use on land are commonly modelled as zero-emission processes. When these processes are modelled, the assumptions differ from synthetic fertilizer emissions. Furthermore, studies do not sufficiently account for all impacts of synthetic fertilizer use on land on compensatory systems, including direct and indirect emissions. Compensatory agroecosystems are generally limited to emissions from the production of synthetic fertilizers. However, data comparing emissions from compost or digestate and synthetic fertilizers in field conditions are still scarce, particularly in tropical environments. This limitation complicates modelling in LCAs of OFMSW.
Composting and AD might have even achieved greater benefits than currently presumed due to synthetic fertilizer replacement and land restoration. Thus, these research gaps must be addressed to reduce uncertainty in the results from the LCAs of OFMSW and our knowledge of treatment options. In this context, our study is limited to the environmental dimension. Social and economic assessments should complement LCAs to obtain a complete and systemic perspective for planning waste management.
